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ABSTRACT
Myers, Justin Adam. M.S. Department of Earth and Environmental Sciences, Wright
State University, 2021. Internal loading of nitrogen (N) and phosphorus (P), reduced N
forms, and periodic mixing support cyanobacterial harmful algal blooms (HABs) in
shallow, eutrophic Honeoye Lake (New York, USA).

Cyanobacteria are important primary producers, but large cyanobacterial harmful
algal blooms (HABs) have many negative ecological and health impacts and are
becoming increasingly common. Honeoye Lake (New York, USA) is a shallow,
eutrophic lake characterized by increasingly frequent HABs. Nitrogen (N) and
phosphorus (P) loads often drive HABs in lakes, and sediment processes can contribute to
N removal (e.g., denitrification) or loading (e.g., N fixation, remineralization). Sediment
cores and lake water were collected during May–October (2016–2018) at two sites and
incubated with no amendments (controls) or 15N stable isotopes to measure sediment
nutrient fluxes and N cycling dynamics in Honeoye Lake.
Sediments were a strong source of ammonium (NH4+; 200 ± 56 µmol N m-2 hr-1)
and soluble reactive P (SRP; 1.60 ± 0.67 µmol P m-2 hr-1). Internal loading of NH4+ was
greater than previous estimates of external and internal TN loads. In situ denitrification
(mean 17 ± 7 µmol N m-2 hr-1) was the main N removal pathway but was limited by NO3availability and a lack of nitrification (mean 0.007 ± 0.002 µmol N L-1 hr-1). Potential
dissimilatory nitrate reduction to ammonium rates (DNRA; 30 ± 11 µmol N m-2 hr-1)
suggested sediments may play an important role in internal loading and
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recycling of N. Water column NH4+ uptake (mean 0.23 ± 0.02 µmol N L-1 hr-1) rates
indicated high NH4+ demand, with only 50% of potential uptake being supplied by
regeneration (mean 0.11 ± 0.01 µmol N L-1 hr-1) within the water column, while the other
50% can be accounted for from sediment NH4+ loading. Scaling these rates to the whole
lake area suggests internal loads of bioavailable N and P are greater than external loads
and promote primary productivity and HABs within Honeoye Lake.
Shallow lake sediments can be a significant source of reduced N and SRP, which
can be mixed periodically supporting HABs. N loads dominated by chemically reduced
forms may limit denitrification and favor non-N-fixing cyanobacteria, as well as internal
recycling pathways that retain N. An increased focus on reduction of N, along with P, is
necessary to prevent increasing cyanobacterial HABs.
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1.

INTRODUCTION

Cyanobacteria have been important primary producers for billions of years and
contributed to oxygenation of Earth’s oceans and atmosphere around 2.5 billion years ago
(Sánchez-Baracaldo, 2015). Primary producers often represent the base of the food web
in aquatic ecosystems and therefore are important for healthy, productive environments.
However, the occurrence of large cyanobacterial blooms can have negative ecological
and health impacts, including low oxygen (hypoxia), reduced biodiversity, and toxin
production (e.g., microcystin; Carpenter et al., 1998; Carmichael, 2001). These large
blooms are often referred to as harmful algal blooms (HABs) because of their negative
effects and are impacting an increasing number of aquatic systems. Although HABs have
occurred throughout history, their frequency, intensity, and geographic distribution has
increased globally in recent decades, likely due to eutrophication from anthropogenic
nutrient loads, climate change, and public awareness (Carmichael, 2001; Hallegraeff,
2003; Huisman et al., 2018). HABs can create dense surface scums that can be toxic,
unattractive, smell bad, cause beach closures, and result in economic losses to fishing,
recreational, food, and real estate industries (Carmichael and Boyer, 2016). In 2009,
HABs were estimated to cost US$2.2 billion annually in freshwaters in the USA, mostly
due to lowered property values, reduced tourism, and drinking water treatment (Dodds et
al., 2009). This cost is likely to grow across the globe with increasing nutrient loads and
climate change.
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Cyanobacteria are a diverse group of organisms ranging from unicellular
picoplankton to large, macroscopic, branched and unbranched filaments capable of
producing toxic metabolites (cyanotoxins), which are responsible for illness and death in
animals and humans across the globe (Skulberg et al., 1993; Chorus and Bartram, 1999;
Carmichael and Boyer, 2016). Cyanotoxins are classified as hepatotoxins, neurotoxins,
and contact irritants, based on their toxicological effects (Carmichael and Boyer, 2016).
Hepatotoxins target liver cells and are produced by many genera (e.g., Dolichospermum,
Microcystis, Oscillatoria, Planktothrix, and others). Hepatotoxins, such as microcystin,
are responsible for most documented human and animal poisoning by cyanobacteria
(Carmichael and Boyer, 2016). Microcystins are cyclic heptapeptides with over 100
different variants and includes the prevalent MC-LR, common in the Great Lakes and
other freshwater systems (Carmichael and Boyer, 2016). While the evolutionary purpose
of cyanotoxins is debated, their structures are well-defined and many contain several
amine groups; for example, the composition of MC-LR is approximately 14% N
(Kaebernick and Neilan, 2001). Several studies have demonstrated the importance of N in
controlling numbers of toxic cells and microcystin concentrations in freshwater
cyanobacterial HABs (Davis et al., 2015; Gobler et al., 2016; Chaffin et al., 2018).
HABs are primarily driven by excessive nutrient loading, often anthropogenic,
and light availability (Paerl, 1988; Wetzel, 2001). Although phosphorus (P) has
historically been considered the limiting nutrient in freshwaters (Schindler et al. 2008),
there is increasing evidence for the importance of nitrogen (N) in bloom formation, size,
and toxicity (Pearl, 2009; Chaffin et al., 2013; Scott et al., 2013; Gobler et al., 2016;
Newell et al., 2019; Shatwell and Köhler, 2019). Structural changes in phytoplankton and
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periphyton communities have been associated with nutrient enrichment, and high inputs
of N relative to P have led to expansive cyanoHABs, often dominated by non-N-fixing,
toxin-producing strains, including Microcystis and Planktothrix (Paerl, 2009; Bullerjahn
et al., 2016; Glibert et al., 2016).
Additional factors affecting HABs include temperature, invasive species,
micronutrients (e.g., iron), and precipitation patterns. Elevated temperatures favor
cyanobacteria over other phytoplankton (Paerl and Huisman, 2008) and enhance growth
of toxic over non-toxic strains (Davis et al., 2015). Invasive species (e.g., zebra mussels)
can alter food web dynamics and nutrient cycling by differences in resource assimilation
and regeneration (Lavrentyev et al., 2000; Vanderploeg, 2001; Atkinson et al., 2010).
Iron is essential for phytoplankton growth because it is needed for photosynthesis and
nutrient assimilation and may affect the toxicity of some HAB species (Sunda, 2006).
Precipitation patterns affect run-off and river discharge (Kalkhoff et al., 2016; Sinha,
2016), which are important sources of external nutrient loading, especially in agricultural
and urban watersheds. Other sources of N and P include point sources (e.g., wastewater
treatment plants), atmospheric deposition, and internal loading from sediments,
remineralization, and N fixation.
Biogeochemical processes in the water column and sediments contribute to
internal nutrient loading (e.g., remineralization, N fixation) or removal (e.g.,
denitrification, anaerobic ammonium oxidation (anammox)). Denitrification is an
anaerobic process carried out by heterotrophic bacteria and removes reactive N through
microbial conversion of NO3- to N2 gas (Knowles, 1982). Denitrification is considered
the dominant N removal pathway in aquatic sediments (Tiedje et al., 1983; Seitzinger,

3

1988; Nizzoli et al., 2010) and provides a valuable ecosystem service by naturally
removing excess N from aquatic ecosystems. In contrast, diazotrophic cyanobacteria are
capable of N fixation (the conversion of atmospheric N2 to ammonia (NH3)), which can
supply some N when concentrations are low. However, N fixation is energetically
demanding and usually does not supply enough N to sustain large HABs alone (Lewis
and Wartsbaugh, 2008; Scott and McCarthy, 2010; Baker et al., 2018; Shatwell and
Köhler, 2019; Klawonn et al., 2019). Iron is also required for N fixation (Raven, 1988)
and photosynthesis, and therefore plays an important role in aquatic N dynamics.
Nitrification is the critical link for N removal and can be closely coupled with
denitrification, especially in shallow systems, as it converts chemically reduced (e.g.,
NH4+) to oxidized forms (e.g., NO3-), which can then be denitrified to N2 (Jenkins and
Kemp, 1984; An and Joye, 2001). Nitrification is an aerobic process performed by
autotrophic bacteria and archaea (Ward, 2011) and can limit NO3- availability for
denitrification. Important factors affecting nitrification rates include temperature, light,
pH, sulfide concentrations, and oxygen availability (Ward, 2011). Because the first step
(ammonia-oxidation) is an aerobic process, nitrification at the sediment-water interface
can be inhibited during periods of hypoxia (< 2 mg L-1 O2) or anoxia (0 mg L-1 O2),
reducing NO3- availability for denitrifiers. Decoupling of nitrification and denitrification
leads to lower denitrification rates and allows NH4+ to accumulate in bottom waters,
along with P released from sediments under the same conditions. Accumulated N and P
can be mixed into the surface water with seasonal turnover or, in shallow systems,
meteorological events, such as wind and rain, providing a pulse of dissolved nutrients
within the photic zone and promoting HAB development.
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Other important microbial N processes include dissimilatory NO3- reduction to
NH4+ (DNRA; NO3- à NH4+) and anammox (NH4+ + NO2- à N2 + 2H2O; Burgin and
Hamilton, 2007). DNRA recycles NO3- to NH4+, thus competing with denitrification for
substrate, and represents a pathway that retains N in a bioavailable form (Burgin and
Hamilton, 2007). Anammox is an alternative removal pathway for N, in which NH4+ and
NO2- are converted to N2 gas in anoxic environments with limited labile carbon or excess
N, and may be important in some large, deep lakes (Burgin and Hamilton, 2007).
N has many redox states and forms (e.g., NH4+, urea, NO3-, NO2-, NO, N2O, and
N2) ranging from highly reduced, bioavailable NH4+ and urea to the mostly inert
dinitrogen (N2) gas, which comprises approximately 78% of our atmosphere (Galloway,
1998). N form is important and can control phytoplankton community structure, with
oxidized forms (NO3-) generally favoring diatoms, whereas NH4+ usually favors non-Nfixing cyanobacteria (Blomqvist et al., 1994; Glibert et al., 2016). Additionally, N
concentration and form is related to microcystin production for Microcystis and
Planktothrix, two prevalent freshwater cyanobacteria (Monchamp et al., 2014; Chaffin et
al., 2018). Dissolved organic nitrogen (DON), water temperature, and NH4+ are important
abiotic factors in predicting microcystin concentrations (Monchamp et al., 2014).
Atmospheric N2 is unavailable to most organisms and energy is required to convert it to
bioavailable N through biological N fixation. However, industrial N fixation using the
Haber-Bosch process has allowed for large-scale fertilizer production, increasing
bioavailable N globally (Galloway, 1998). Changes in fertilizer composition from NO3-based to UAN (urea, ammonium, nitrate) have altered N loads in agricultural watersheds
to more reduced forms (Glibert et al., 2014; Newell et al., 2019). Urea is now the
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dominant form of N fertilizer used throughout the world and recent research suggests that
increasing HAB occurrences and duration are correlated to urea fertilizer use, which is
typically hydrolyzed to NH4+ in soils (Glibert et al., 2014).
NH4+ is the preferred form of N for primary producers, including cyanobacteria
and phytoplankton, and can be rapidly assimilated and recycled via biological uptake and
regeneration (Glibert et al., 2016; Klawonn et al., 2019). NH4+ uptake includes
assimilation into biomass, nitrification, and anammox, while regeneration includes
decomposition and remineralization of organic matter, algal exudation, excretion, and
sloppy feeding by heterotrophs and zooplankton (Saba et al., 2011). All other N forms
must first be reduced to NH4+ for transport and assimilation or transformation and
making them less energetically favorable (Glibert et al., 2016). Due to high biological
demand, NH4+ concentrations in the water column are often low, but uptake rates can be
high, especially in eutrophic systems where regeneration of NH4+ from biomass can be a
significant N source (McCarthy et al., 2013; Gardner et al., 2017). Although diatoms sink
rapidly and are remineralized in sediment (Smetacek, 1985), cyanobacterial biomass is
often regenerated in the water column (Gardner and Lee, 1975). This rapid recycling in
the water column limits N and P removal (via denitrification and burial, respectively) and
further exacerbates cyanobacterial HABS. Therefore, quantifying rates of NH4+ uptake
and regeneration provide greater insight into N cycling than in situ concentrations alone.
Although some regulations have been enacted for P (Litke, 1999), N largely
remains unregulated in the USA, and reactive N in the environment has grown
exponentially since the industrial revolution (Vitousek et al., 1997; Erisman et al., 2013).
In contrast, the European Union has addressed reactive N pollution with regulations on N
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use in agriculture under the Nitrates Directive established in 1991, resulting in a marked
decrease in N loads to European rivers van (Oenema et al., 2011; van Grinsven et al.,
2015). Despite decades of P loading reductions, HABs continue to proliferate and are
becoming more commonly dominated by non-diazotrophic, toxin-forming cyanobacteria
that thrive under elevated reduced N conditions, instead of N fixing genera and diatoms
(Glibert et al., 2016; Gobler et al., 2016). Quantifying inputs, exports, and internal
cycling of N (and P) within HAB-impacted ecosystems is paramount to understanding
HAB formation, composition, and dynamics to improve forecasting, mitigation, and
prevention efforts.

Study Location
The Finger Lakes region of central New York (USA) encompasses 23,000 km2
and includes 11 glacial lakes formed during the Pleistocene. The Finger Lakes provide
drinking water resources, recreation, and tourism, which is an estimated US$2 billion
industry (Halfman and O’Neill, 2009). However, the Finger Lakes have been impacted in
recent years by declining water quality and HABs. New York State recently passed the
Clean Water Infrastructure Act of 2017, which includes initiatives to reduce the
frequency of HABs (NYSDEC, 2018). The HAB initiative will provide US$65 million in
state funding to combat HABs and identify drivers in 12 priority lakes across upstate
New York (NYSDEC, 2018), including Honeoye Lake in the western portion of the
Finger Lakes.
Honeoye Lake is the second smallest (approximately 7.3 km2) and shallowest
(mean depth 4.9 m; maximum depth 9 m) of the Finger Lakes and is classified as
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eutrophic by the New York State Department of Environmental Conservation based on
Secchi depth, chl a, and total P concentrations (NYSDEC, 2018). Although the largest
component (73%) of the watershed is second growth forest (HLWMP, 2007), the
shoreline is mostly developed with homes, and there are over 16 tributaries into the lake.
Between 2012 and 2017, Honeoye Lake has experienced 84 summer HABs, 14 of which
produced high toxins, and lost 104 beach days due to closure (NYSDEC, 2018). These
HABs typically occur during the summer from May through October and change in
composition from diazotrophic (e.g., N-fixing Anabaena, Gloeotrichia) to non-N-fixing
(e.g., Microcystis, Woronichinia) cyanobacteria (Fig. 1). Although Honeoye Lake is not
used for drinking water, these HABs cause concern for residents and impact tourism,
which is essential for the local economy. Efforts to reduce eutrophication and HABs via
macrophyte (aquatic weed) harvesting and chemical treatments (e.g., aluminum sulfate
additions aimed at sequestering P (Welch et al., 1988)) were not successful, and HABs
continue to cause numerous beach closures and public advisories (NYSDEC, 2018).
External loading of N and P into Honeoye Lake has been evaluated in previous
studies (Zhu, 2009; HLWTF, 2007), but internal loads are not well established and may
be important due to high inputs of total suspended solids (TSS) from tributaries (Zhu,
2009) and seasonal stratification. The goal of this study was to investigate internal
nutrient loading and N cycling dynamics within Honeoye Lake by measuring rates of
sediment nutrient fluxes (N and P) and N cycling pathways (denitrification, nitrification,
N fixation, anammox, DNRA, and NH4+ uptake and regeneration). Specific hypotheses
addressed include: (1) Honeoye Lake sediments are a source of N and P to the water
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Figure 1. Cyanobacterial blooms in Honeoye Lake during summer 2017. Photo Credits:
Terry Gronwall, Shannon Collins, Justin Myers.
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column; (2) denitrification is the dominant removal pathway of N; (3) denitrification is
limited by availability of NO3-; and (4) internal loading of N and P supports HABs.
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II.

METHODS

Site Description
Honeoye Lake (Finger Lakes, New York) is one of 12 priority lakes, as indicated
by NYSDEC, impacted by HABs in upstate New York (NYSDEC, 2018). Honeoye Lake
has a surface area of 7.6 km2, with a watershed of approximately 100 km2, located in the
larger Genesee River watershed, which drains into Lake Ontario. Honeoye Lake has a
mean depth of 4.9 m, with approximately 75% of the lake surface area less than 7.5 m,
and a maximum depth of 9 m (Fig. 2). Depths up to 4.6 m support dense aquatic
vegetation rich in species with Ceratophyllum demersum (coontail), Vallisneria
americana (eelgrass), and Myriophyllum spicatum (eurasian milfoil) making up the
greatest relative abundances (NYSDEC, 2018). To investigate sediment and water
column nutrient cycling within Honeoye Lake, two sites were chosen based on previous
monitoring and lake morphology (Fig. 3). One site was chosen for its shallow depth and
close proximity to the main tributary (FLI-S “3m”; depth = 3 m), and the other site
represented the deeper, periodically stratified water column near the center of the lake
(FLI-N “7m”; depth 7 m). On all sampling events, site 3m was dominated with benthic
macrophytes, while 7m was not.
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A

B

Figure 2. (A) Honeoye Lake watershed land use and (B) one foot interval bathymetric
map. (HLWTF, 2007)
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Figure 3. Map of Honeoye Lake (New York, USA) location and sampling sites. FLI-S
“3m” is located near the main tributary inflow and represents the macrophyte-dominated
littoral zone. FLI-N “7m” is located near the central portion of the lake and represents
deeper sediments where stratification occurs.
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Field Sampling
Honeoye Lake sampling was conducted at both sites (3m and 7m) five times from
2016 to 2018 (Aug. 2016, June 2017, Sept. 2017, May 2018, and Oct. 2018) across the
summer season. Water was collected from near-surface (0.5 m depth) and near-bottom
(0.5 m above sediment) using a 10 L Niskin GO Flo bottle (General Oceanics). Water
physicochemical parameters (temperature, dissolved oxygen (DO), pH, and chl a) were
measured in situ using a Manta 2 (Eureka Water Probes), or similar, multiparameter
probe. Ambient water samples for nutrient analysis (SRP, NH4+, NO3-, NO2-, and urea)
were collected and filtered (Target 2, nylon, 0.22 µm; Fisher Scientific) immediately in
the field, transported on ice, and kept frozen until analysis on a Lachat Quikchem 8500
nutrient analyzer (methods described under Core Incubation Water Sample Collection
and Analysis). Ambient water was collected in clean, transparent one-L Nalgene bottles
and transported back to the lab in a closed cooler for water column experiments
(nitrification, NH4+ regeneration and potential uptake). Six intact sediment cores (7.6 cm
diameter; approximately 10–15 cm depth) with overlying water were collected from each
site using a Hypox Corer (Gardner et al., 2009) and immediately sealed with vinyl caps
and electrical tape, then stored upright in a closed cooler. Approximately 60 L of nearbottom water was distributed into three, 20 L Coleman collapsible water carriers
(cubitainer) pre-rinsed with site water.

Sediment Core Incubations
Within 3–4 hours of collection, sediment cores were wrapped in aluminum foil
and installed into a continuous-flow incubation system, which has been previously
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described and used extensively to evaluate sediment-water interface nutrient dynamics in
numerous aquatic systems (e.g., Gardner et al., 2006; McCarthy et al., 2015; 2016;
McTigue et al., 2016; Hoffman et al., 2019; Boedecker et al., 2020). Briefly, cores were
sealed at the top with Delrin plungers fitted with inflow and outflow polyether ether
ketone (PEEK) tubing and a butyl rubber o-ring to create a gas-tight chamber (Fig. 4).
Overlying water volume in sediment core chambers was approximately 230 mL,
and the mean flow rate into overlying water was 1.25 mL min-1, resulting in an overlying
water residence time of approximately three hours. Duplicate sediment cores for each of
three treatments were incubated for ~72 hours at continuous flow of near-bottom water
with: (1) no amendments (unamended control; C cores); (2) 10 µM 15N-NH4Cl (>98
atom% 15N; Sigma Aldrich; A cores); or (3) 50 µM 15N-NaNO3 (>98 atom% 15N; Sigma
Aldrich; N cores). Sample collection began after allowing approximately 18 hours for
intact sediment core equilibration with the continuous flow of near-bottom water. Inflow
water in the cubitainers was bubbled with an aquarium pump to maintain atmospheric
saturation and pumped (Rainin RP-1 peristaltic pump) into the overlying water through
gastight PEEK tubing (inflow positioned ~1 cm above the sediment surface). Overlying
water was forced out by positive displacement through PEEK tubing positioned flush
with the bottom edge of the plunger and collected for nutrient and dissolved gas analysis.

Core Incubation Water Sample Collection and Analysis
Water was collected from the inflow reservoirs (cubitainers) and core outflows
each day for three days and analyzed for nutrients (SRP, NO2-, NO3-, NH4+, and urea) and
dissolved gases (O2, 28, 29, and 30N2). Nutrient samples were filtered (0.22 µm)
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Figure 4. Gas-tight, continuous-flow core incubation system. Core diameter is 7.6 cm.
Site water is pumped at ~1.25 mL min-1. Not to scale. Adapted from Lavrentyev et al.,
2000.
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immediately upon collection into 15 mL polypropylene tubes (Lake Charles
Manufacturing) and stored frozen -20º C until analysis on a Lachat Quikchem 8500
nutrient analyzer (Hach) using Lachat protocols and methods (PO43- Method 31-115-011-I; NOx Method 31-107-04-1-E; NH4+ Method #31-107-06-1-G for low concentrations,
and Method 31-107-06-1-F for high concentrations; and urea Method 31-206-00-1-A).
NOx analysis was conducted via an in-line Cd reduction column that reduces NO3- to
NO2-, thus analyzing both simultaneously. NO2- concentrations were measured by
running a separate NOx analysis without the Cd reduction column. NO3- is then calculated
by subtracting the resulting NO2- concentration from the NOx concentration.
Analyte concentrations were determined from three replicate injections using
regression analysis (R > 0.999) of at least 8 standards (response measured in V) versus
known concentration. A quality control standard (QCS) was analyzed after each standard
curve to verify proper preparation and calibration, along with check standards every 12–
20 samples. If a QCS or check standard was not within 10% of the known concentration,
the analysis was terminated, instrument recalibrated, and samples re-analyzed. Samples
with standard error greater than 10% from the three replicate injections were re-analyzed
with remaining sample when possible.

Core Incubation Dissolved Gas Sample Collection and Analysis
Dissolved gas samples were collected in custom glass 15 ml, tall test tubes
(17mm x 200mm; Chemglass) to minimize surface area in contact with the atmosphere.
Dissolved gas samples were preserved immediately using 200 µl 50% ZnCl2 solution,
capped with glass ground stoppers, and stored underwater until analysis by Membrane
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Inlet Mass Spectrometry (MIMS; Kana et al., 1994). All dissolved gas samples were
collected in duplicate and analyzed within ten days. Nutrient and dissolved gas fluxes
were calculated using the difference between inflow and outflow concentrations ([inflow]
and [outflow] in µM, respectively) multiplied by the average flow rate (f; 1.25 mL/min)
and divided by core surface area (SA = 0.0045 m2; Eq. 1; Lavrentyev et al., 2000).

𝐹𝑙𝑢𝑥 =

["#$%&'])[&*+$%&']∗$
-.

eq. 1

Unamended control cores were used to quantify sediment nutrient fluxes,
sediment oxygen demand (SOD; a measure of microbial respiration), and net 28N2 flux,
which represents the relative balance between N fixation and denitrification occurring
simultaneously in sediments. N fixation rates were calculated from 15NO3--amended cores
(An et al., 2001), and potential denitrification (DNF) was calculated using the sum of 28,
29, and 30

N2 production plus calculated N fixation, if any (Gardner and McCarthy, 2009).

Possible anammox was estimated using 29N2 production in 15NH4+ amended cores
(Rysgaard et al., 2004). We refer to ‘possible anammox’ because coupled nitrificationdenitrification within these cores could also result in 29N2 production, which can not be
excluded (McCarthy et al., 2016; Hoffman et al., 2019). Potential dissimilatory NO3reduction to NH4+ (DNRA) was estimated by measuring 15NH4+-production from 15NO3-amendments (An and Gardner, 2002) using the OX/MIMS method (Yin et al., 2014) in
2018. Briefly, 11 15NH4+ calibration standards (0–100 µM) were prepared in 100 ml
volumetric flasks and decanted into 17mm x 200mm glass test tubes to minimize the
surface area in contact with the atmosphere. Standards were analyzed by MIMS
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immediately after oxidizing all NH4+ using 200 µL 50% (v/v) sodium
hypobromite/potassium iodide solution (Yin et al., 2014). Concentrations of calibration
standards were plotted against the sum of the 29N2 signal + 2 * 30N2 signal (mV) from
MIMS to generate a linear regression (r > 0.99). Sediment core incubation samples for
OX/MIMS analysis were filtered (nylon, 0.22 µm) and stored in gas-tight, 12 mL,
double-wadded exetainers (Labco) in the dark, with no headspace, and analyzed within
2–3 weeks. Sample and standard concentrations were averaged from three reps for each
vial. Prior to oxidation of 15NH4+ in samples from 15NO3- amendments, three replicates
were collected to measure background 29N2 and 30N2, which was subtracted to exclude
labelled N2 produced from denitrification or anammox. Concentrations were calculated
using the linear regression obtained from the standards, and two check standards were
analyzed every 18 samples to verify calibration. Due to the error of not subtracting
background 29N2 and 30N2 from samples in 2016 and 2017 during method development,
DNRA was instead estimated using NO3--induced NH4+-flux (NIAF) in NO3--amended N
cores relative to NH4+ flux in C cores (McCarthy et al., 2016).

Water column NH4+ Regeneration and Potential Uptake
NH4+ regeneration and potential uptake rates within the water column were
quantified following the protocol described in McCarthy et al. (2013). Site water from
surface and bottom was collected and stored in acid-cleaned, site-water rinsed, 1 L clear
polypropylene bottles (Nalgene) and transported to the lab in a dark cooler for isotope
enrichment and incubation. 1 L of site water was spiked with 10 mM 15N-NH4Cl (>98
atom% 15N; Sigma Aldrich) for a final concentration of 8 µM 15NH4+ for all incubations
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except Oct 2018, which was spiked to a final concentration of 32 µM 15NH4+. Given the
trophic status of Honeoye Lake, saturating-level spike concentrations were necessary to
prevent complete NH4+ depletion during the incubation (McCarthy et al., 2013).
Therefore, these NH4+ uptake rates are considered potential, but rates determined from
saturating- and tracer-level isotope dilution experiments tend to converge in highly
productive systems (Glibert et al., 1982). NH4+ regeneration rates represent actual rates,
since the substrate added (NH4+) is the end-product of regenerative processes (Gardner et
al., 2017).
After isotope enrichment, water was mixed thoroughly and evenly distributed into
six 70 mL clear culture bottles (Corning), or 125 mL clear polypropylene bottles
(Nalgene), for triplicate light and dark treatments. For dark treatments, triplicate bottles
were wrapped with heavy duty aluminum foil. Initial samples (T0) were collected and
filtered (0.22 µm) immediately from the bottles using a clean and sample-rinsed (with ~510 mL of sample water from the respective bottle) 60 mL syringe (BD) into 15 mL
polypropylene sample tubes and gas-tight, 12 mL double-wadded exetainers with no
headspace, for total NH4+ analysis on the Lachat and 15N-NH4+ analysis by OX/MIMS,
respectively. Incubation bottles were then submerged in a small pond at ambient
temperature and light for ~24 hours. Final samples (Tf) were collected in the same
manner as described for T0 to measure changes in total NH4+ and 15N-NH4+
concentrations. Potential NH4+ uptake and actual regeneration rates were calculated
according to the Blackburn–Caperon isotope dilution model (Blackburn, 1979; Caperon
et al., 1979; McCarthy et al., 2013).
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Water Column Nitrification
Water column nitrification rates were measured using the isotope pool dilution
method (Carini et al., 2010). Briefly, site water was collected (surface and bottom) and
stored in acid-cleaned, site-water rinsed, 1 L clear polypropylene bottles (Nalgene) and
transported to the lab in a dark cooler. Sample water was decanted into a 125 mL clear
polypropylene bottle (Nalgene) for an unamended control. Then, 1 L of site water was
enriched with 160 µL of 50 mM 15N-NaNO3 (>98 atom% 15N; Sigma Aldrich) for a final
concentration of 8 µM. Spiked water was well-mixed and decanted into triplicate, 125
mL clear polypropylene bottles (Nalgene). Similar to NH4+ uptake and regeneration
procedures, initial samples (T0) were collected from control and enriched bottles using a
60 mL syringe with canula (separate syringes were used for control and enriched
samples). Samples were filtered immediately (nylon, 0.22 µm) into 15 mL polypropylene
sample tubes and 50 mL centrifuge tubes (Fisher Scientific) for background NH4+
concentrations and isotope measurements, respectively. Controls and enriched samples
were incubated in a small pond at ambient temperature and light for ~24 hours before
final samples (Tf) were collected in the same manner as T0. Background NH4+ samples
were frozen until analysis on a Lachat QuikChem 8500 nutrient analyzer.
Isotope samples were frozen until being reduced (NO3- to NH4+) by acidification
with 2 M H2SO4 (pH = ~3.5) and addition of 150–300 mg Zn powder (Fisher Chemical
>97%). Reduced samples were incubated at room temperature on a shaker table (75 rpm)
for 30 minutes, and the reaction was terminated with addition of boric acid buffer (pH =
9.41). Samples were filtered (0.22 µm) to remove Zn particles into 15 mL polypropylene
sample tubes and gas-tight 12 mL exetainers with no headspace, for total NH4+ analysis
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on the Lachat and 15N-NH4+ analysis by OX/MIMS, respectively. Lachat samples were
stored frozen until analysis, and OX/MIMS samples were stored in the dark at room
temperature. Nitrification rates were determined following the Carini et al. (2010) and
Blackburn (1979) models. The Carini model modifies the NH4+ regeneration calculation
from the Blackburn model, since nitrification is a regenerative process for 14NO3-, which
dilutes the pool of 14+15NO3- in the sample incubation. The change in concentration
derived from the change in 14:15 ratio was normalized to sample volume and divided by
incubation time to obtain nitrification rates in µmol N L-1 hr-1.

Statistical Analysis
Statistically robust correlations (p < 0.05) between all bottom water
physicochemical parameters and biogeochemical rates were tested using Kendall’s tau
(T) in MatLab (Math Works; Table 2). Correlations were not investigated with surface
water parameters because of the separation between sediment processes and surface
water during stratification. Kendall’s tau was chosen based on the small dataset (n = 10)
and non-normal data. Normality was tested using the Kolmogorov-Smirnov (KS) test.
Spearman’s rho was used to evaluate correlations between biogeochemical rates in
sediment core incubations (nutrient and gas fluxes, SOD, DNRA, anammox, and N
fixation) due to a large sample size (n = 20). Robust differences (p < 0.05) between sites
and treatments were tested using one-way analysis of variance (ANOVA).
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III.

RESULTS

Ambient Physicochemical Parameters
Physicochemical parameters and ambient nutrient concentrations varied spatially
and temporally during the study period (Table 1). Water temperature followed a seasonal
pattern, ranging from 13.0 ºC in May to 27.7 ºC in August. pH was neutral to alkaline
(7.17–9.65), with higher pH in surface water, and DO concentrations ranged from 0.50
(Sept. 2017) to 11.0 (May 2018) mg L-1 in the hypolimnion and 6.83 (Oct. 2018) to 13.0
(Sept. 2017) mg L-1 near the surface (Table 1). Ambient SRP concentrations were lowest
in May and highest in September and October, ranging from below detection (< 0.01
µmol P L-1) to 0.27 µmol P L-1 (0.31–8.37 µg P L-1; Table 1). Ambient SRP
concentrations were positively correlated with ambient NO2- concentrations (t = 0.511; p
= 0.047; Table 2) and marginally with ambient NO3- concentrations (t = 0.467; p =
0.073). Dissolved inorganic N (DIN = NH4+ + NO3- + NO2-) concentrations were greatest
in late summer/fall (Aug 2016 and Sept 2017) and ranged from <0.10–27.0 µmol N L-1
(Table 1), with NH4+ accounting for 31% (7m-B Oct 2018) to 99% (7m-B May 2018).
Ambient NO3- concentrations were correlated with DO concentrations in bottom water
(t = -0.644; p = 0.009), NO3- flux from control cores (t = 0.511; p = 0.047), possible
anammox (t = 0.556; p = 0.029), and water column NH4+ uptake in the light (t = -0.537;
p = 0.039). Ambient urea-N concentrations ranged from below detection (<0.28 µmol N
L-1) to 1.91 µmol N L-1 and were positively correlated with potential DNRA rates
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Table 1. Ambient nutrient concentrations and geochemical parameters from Honeoye
Lake (Finger Lakes, New York) sites FLI-S-3m and FLI-N-7m, collected near surface (S)
and near bottom (B). Chl a (max) is the highest chlorophyll a concentration measured in
the water column for the respective site and date. Less than sign (<) indicates that analyte
concentration was below the stated instrument detection limit. No data denoted by “ND.”
Asterisk (*) indicates data from sampling the day before (Sept. 18, 2017) were used due
to a problem with DO calibration at the time of core collection.
Date

Site

Ambient nutrient concentrations
[SRP]
[NH4+]
[NO2-]
[NO3-]
µM P
µM N
µM N
µM N

[Urea-N]
µM N

Physicochemical parameters
Temp
DO
chl a (max)
ºC
pH
mg/L
mg/L

May 15, 2018
3m-S

0.03

6.14

< 0.03

0.94

0.44

ND

ND

ND

ND (22.7)

3m-B

0.02

2.62

< 0.03

0.14

0.56

15.2

8.13

11.00

22.7 (22.7)

7m-S

< 0.01

< 0.08

< 0.03

< 0.03

0.31

16.6

8.20

10.86

4.4 (18.7)

7m-B

0.02

8.34

< 0.03

< 0.03

0.80

13.0

7.34

4.30

10.3 (18.7)

3m-S

0.09

1.73

0.12

0.89

0.41

23.5

7.93

7.78

3.1 (9.3)

3m-B

0.11

1.89

0.13

0.58

0.82

22.6

7.17

2.62

9.3 (9.3)

7m-S

0.08

1.79

0.07

0.58

0.50

23.7

7.97

8.05

2.3 (9.8)

7m-B

0.08

1.69

0.07

0.60

0.75

20.3

7.43

2.39

4.5 (9.8)

3m-S

0.05

< 0.08

< 0.03

< 0.03

< 0.28

27.7

8.86

9.76

7.7 (24.3)

3m-B

0.08

0.13

< 0.03

0.05

1.07

24.9

7.84

7.99

1.8 (24.3)

7m-S

0.06

0.24

< 0.03

< 0.03

< 0.28

26.4

8.79

8.93

11.2 (16.6)

7m-B

0.06

26.45

0.14

0.39

0.13

24.1

7.58

1.52

2.8 (16.6)

3m-S

0.07

2.76

0.29

0.59

1.27

19.7

8.16

11.13*

ND (32.6)

3m-B

0.20

9.33

0.36

1.35

1.75

19.5

8.01

4.96*

ND (32.6)

7m-S

0.05

0.15

0.06

0.05

0.46

22.4

9.65

13.00*

ND (46.5)

7m-B

0.27

11.31

0.27

0.89

1.91

18.8

8.33

0.50*

ND (46.5)

3m-S

0.27

3.57

0.35

1.21

0.50

19.8

7.92

6.83

7.0 0(7.0)

3m-B

0.15

4.22

0.37

1.66

0.52

17.6

7.72

4.94

3.5 0(7.0)

7m-S

0.04

< 0.08

0.04

0.12

< 0.28

20.4

8.85

11.62

12.7 (12.7)

7m-B

0.04

0.17

0.10

0.29

0.36

18.8

8.05

8.64

12.7 (12.7)

June 20, 2017

Aug 8, 2016

Sept 19, 2017

Oct 9, 2018
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Table 2. Correlations between all bottom water physicochemical parameters (n = 10) and
biogeochemical rates (n = 20) for both sites and all five sampling events using nonparametric Kendall’s tau rank correlation test (for n = 10) or Spearman’s rho (for n = 20),
and associated p values.
Parameter

Vs

Kendall τ

Spearman ρ

p value

n

[NO2-]

[SRP]

0.511

0.047

10

DO

[NO3-]

-0.644

0.009

10

SRP Flux

DO

-0.644

0.009

10

SRP Flux

NO3- Flux

0.638

0.002

20

SRP Flux

NO2- Flux

0.486

0.030

20

SRP Flux

SOD

0.726

<0.001

20

SRP Flux

N Fix

0.463

0.040

20

NO3- Flux

[NO3-]

0.047

10

NO3- Flux

NH4+ Flux

-0.690

0.001

20

NO3- Flux

SOD

0.496

0.026

20

NO2- Flux

[NH4+]

0.511

0.047

20

NO2- Flux

NO3- Flux

0.657

0.002

20

Urea Flux

pH

0.556

0.029

10

Urea Flux

chl a

0.511

0.047

10

In situ DNF

Temp

0.511

0.047

10

Pot DNF

NO2- Flux (N cores)

0.556

0.029

20

Pot DNF

SOD (N cores)

0.519

0.019

20

Pot DNF

SRP Flux (N cores)

0.511

0.021

20

N fixation

Temp

0.600

0.017

10

Anammox

[NO3-]

0.556

0.029

10

Anammox

NO3- Flux

0.619

0.004

20

Anammox

NH4+ Flux

-0.667

0.001

20

DNRA

[SRP]

0.556

0.029

10

DNRA

[Urea-N]

0.644

0.009

10

DNRA

NO3- Flux (N cores)

-0.562

0.010

20

DNRA

NO2- Flux (N cores)

0.718

<0.001

20

DNRA

SOD (N cores)

0.580

0.007

20

-0.539

0.039

10

0.584

0.025

10

-0.674

0.009

10

0.689

0.005

10

-0.600

0.017

10

+

0.511

-

NH4 UptakeL

[NO3 ]

NH4+ UptakeL

DO

NH4+ UptakeL

NO2- Flux

NH4+ UptakeD

DO

NH4+ UptakeD

NO2- Flux
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(t = 0.644; p = 0.009). Concentrations of urea-N were also marginally correlated with chl
a (max), the highest chlorophyll a concentration measured in the water column at that site
and time (t = 0.467; p = 0.073).

Sediment Nutrient Fluxes
Honeoye Lake sediments were a source of both N and P (Figs. 5 and 6) during the
study period, with NH4+ representing 89% of N released from sediments at rates up to
500 µmol N m-2 hr-1. Unamended (control; C) cores were a source of P and all N forms
except urea at site 7m in June 2017 and NO3- at site 3m in Oct 2018. SRP sediment fluxes
were marginally greater at 7m for all sampling dates (ANOVA: p = 0.084) and ranged
from 0.22 ± 0.39 (3m Sept. 2017) to 7.4 ± 1.3 (7m Sept. 2017) µmol P m-2 hr-1, with a
mean of 1.60 ± 0.67 µmol P m-2 hr-1 (Fig. 5). SRP fluxes were negatively correlated with
bottom water DO (t = -0.644; p = 0.009) and positively correlated with SOD (ρ = 0.726;
p < 0.001), NO3- flux (ρ = 0.638; p = 0.002), NO2- flux (ρ = 0.486; p = 0.030), and N
fixation (ρ = 0.463; p = 0.040). In contrast to SRP fluxes, NH4+ sediment effluxes were
greater at 3m relative to 7m (ANOVA; p < 0.001), ranging from 13 ± 20 (7m June 2017)
to 500 ± 120 (3m Aug 2016) µmol N m-2 hr-1 (mean 200 ± 56 µmol N m-2 hr-1; Fig. 5).
NH4+ flux was negatively correlated with NO3- flux (ρ = -0.690; p = 0.001) and anammox
(ρ = -0.667; p = 0.001). NO3- fluxes were greater at 7m (ANOVA; p = 0.012) and were
positive (NO3- source) for all sampling dates (except Oct 2018 at site 3m), with a range
from -2.80 ± 0.44 to 33.0 ± 9.50 µmol N m-2 hr-1 (mean 10.0 ± 3.20 µmol N m-2 hr-1; Fig.
5). However, NO3- fluxes in 15NO3--amended (N cores) were a strong sink for NO3(mean of -180 ± 16 µmol N m-2 hr-1 (Fig. 7) and were different from controls (C cores;
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Figure 5. Sediment fluxes (± SE) of (A) ammonium (NH4+), (B) nitrate (NO3-), (C) nitrite
(NO2-), and (D) urea-N in unamended control cores from Honeoye Lake incubation
experiments. Fluxes are averaged from duplicate cores and three time points over 72
hours (n = 6) for each sampling date. Positive values indicate sediment efflux and
represent a net source. Note y-axis scales are different.
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µmol P m-2 h-1

Sediment SRP Flux
10
9
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3
2
1
0

FLI S (3m)

May 2018

FLI N (7m)

June 2017

Aug 2016

Sept 2017

Oct 2018

Figure 6. Sediment soluble reactive phosphorus (SRP) fluxes (±SE) in unamended
control cores. Fluxes are averaged from duplicate cores and three time points over 72
hours (n = 6) for each sampling date. Positive values indicate sediment efflux and
represent a net source.
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Sediment NO3- Flux (N Cores)
0

µmol N m-2 h-1

-50
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-200
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-300

FLI S (3m)

FLI N (7m)

-350
May 2018 June 2017

Aug 2016

Sept 2017

Oct 2018

Figure 7. Nitrate (NO3-) fluxes (± SE) in 15NO3- amended cores. Fluxes are averaged from
duplicate cores and three time points over 72 hours (n = 6) for each sampling date.
Negative values indicate sediment uptake and represent a net sink.
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ANOVA; p < 0.001). NO3- flux was positively correlated with ambient NO3concentration ([NO3-]) in bottom water (t = 0.511; p = 0.047) and SOD (ρ = 0.496; p =
0.026) and negatively correlated with NH4+ flux (ρ = -0.690; p = 0.001). Sediment NO2effluxes ranged from 1.6 ± 0.68 (3m Aug. 2016) to 56 ± 8.7 (7m Sept. 2017) µmol N m-2
hr-1 (mean 13 ± 5.2 µmol N m-2 hr-1; Fig. 5). NO2- fluxes were negatively correlated with
NH4+ uptake in both the light (UptakeL; t = -0.674; p = 0.009) and dark (UptakeD; t =
-0.600; p = 0.017) and were positively correlated with ambient NH4+ concentrations
([NH4+]; t = 0.511; p =0.047) and NO3- fluxes (ρ = 0.657; p = 0.002). Urea-N fluxes were
between -2.4 ± 1.4 (7m June 2017) and 5.2 ± 2.3 (7m Oct. 2018) µmol N m-2 hr-1, with a
mean of 2.4 ± 0.67 µmol N m-2 hr-1 (Fig. 5). Urea-N flux was positively correlated with
pH (t = 0.556; p = 0.029) and Chl a concentration (t = 0.511; p = 0.047).

O2, N2 Fluxes and Potential Denitrification
Sediment oxygen demand (SOD) increased throughout the summer, then declined
slightly in October, with rates from 1,080 ± 50 to 2660 ± 80 µmol O2 m-2 h-1 (mean 1410
± 130 µmol O2 m-2 h-1; Fig. 8). SOD was strongly correlated with SRP flux (ρ = 0.726; p
< 0.001), NO3- flux (ρ = 0.496; p = 0.026), and marginally correlated to ambient urea-N
concentrations (t = 0.467; p = 0.073). Positive net 28N2 production (i.e., denitrification >
N fixation) was only observed twice (June 2017 and Oct 2018) at 7m and once (Oct
2018) at 3m (Fig. 9; Avg 28), and ranged from -287–33 µmol N m-2 hr-1, with a mean of 48 ± 32 µmol N m-2 hr-1. Since the 28N2 flux represents the balance between
denitrification and N fixation, calculated N fixation from N cores was added (28N2 from C
cores + N fixation from N cores) to estimate in situ denitrification (17 ± 7.0 µmol N m-2
30

Sediment Oxygen Demand
3000
FLI S (3m)

FLI N (7m)

µmol O2 m-2 h-1

2500
2000
1500
1000
500
0
May 2018 June 2017 Aug 2016 Sept 2017

Oct 2018

Figure 8. Sediment O2 demand (SOD; ± SE) in unamended control cores. Fluxes are
averaged from duplicate cores and three time points over 72 hours (n = 6) for each
sampling date. Note that SOD is shown as a positive value but measured net O2 fluxes
were negative values.
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Sediment N2 Flux

400
Avg 28 (Ct)

300

Avg DNF (N)

µmol N m-2 h-1

200
100
0
-100
-200
-300
-400

FLI S (3m)

Oct 2018

Sept 2017
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June 2017

May 2018

Oct 2018

Sept 2017

Aug 2016

June 2017

May 2018

-500

FLI N (7m)

Figure 9. Fluxes (± SE) of 28N2 (Avg 28) and potential denitrification (Pot DNF as
28+29+30
N2 production plus N fixation, if any). Fluxes are averaged from duplicate cores
and three time points over 72 hours (n = 6) for each sampling date. Ct = unamended
control; N = 15N-NO3- amendment). Negative values for Avg 28 indicate N fixation >
denitrification; positive values indicate denitrification > N fixation.
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hr-1; McCarthy et al., 2016). In situ DNF was positively correlated with temperature (t =
0.511; p = 0.047) and marginally with NO3- flux (ρ = 0.405; p = 0.077). NO3-amendments stimulated denitrification in all incubations, yielding potential denitrification
(Pot DNF) rates up to 250 µmol N m-2 hr-1 (mean 130 ± 19 µmol N m-2 hr-1; Fig. 9). Pot
DNF rates were generally higher at site 7m (ANOVA; p = 0.083) and were positively
correlated with NO2- fluxes (ρ = 0.475; p = 0.029), SRP fluxes (ρ = 0.511; p = 0.021),
and SOD in N cores (ρ = 0.519; p = 0.019).

N Fixation, DNRA, and Anammox
Calculated N fixation rates (in N cores) were lowest in May and Oct 2018 and
greatest in Aug 2016 and Sept 2017, with a mean value of 140 ± 46 µmol N m-2 hr-1 for
the study period (Fig. 10). N fixation was positively correlated with temperature (t =
0.600; p = 0.017) and SRP flux (r = 0.464; p = 0.040). No difference in N fixation was
observed between sites.
In NO3--amended cores, potential DNRA rates ranged from undetectable at both
sites in Aug 2016 to 87 ± 8 µmol N m-2 hr-1 (mean 30 ± 11 µmol N m-2 hr-1; Fig. 11) at
site 3m in Sept 2017, when it accounted for up to 50% of total NO3- reduction. However,
potential DNRA rates were only directly measured by oxidation of dissolved 15NH4+ for
May and Oct 2018 using the OX/MIMS method (Yin et al., 2014). Therefore, we used a
NO3- induced NH4+ flux (NIAF) in NO3--amended N cores relative to NH4+ flux in C
cores to estimate DNRA for the other months (McCarthy et al., 2016). Average DNRA
rates were similar between sites (30 ± 15 and 29 ± 17 µmol N m-2 hr-1 for 3m and 7m,
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Figure 10. Calculated N fixation rates (± SE) based on isotope calculations in NO3-amended (N) cores (An et al., 2001). Fluxes are averaged from duplicate cores and three
time points over 72 hours (n = 6) for each sampling date.
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Figure 11. (A) Potential dissimilatory NO3- reduction to NH4+ (DNRA) rates (± SE; top)
measured directly by 15NH4+ production in NO3--amended cores (May and Oct. 2018) or
estimated indirectly from differences between total NH4+ flux in NO3--amended cores
relative to controls (NIAF; Aug. 2016, June and Sept. 2017). (B) DNRA shown as a
percentage of potential denitrification (Pot DNF; 28+29+30N2 + N fixation; bottom). Rates
are averaged from duplicate cores and three time points over 72 hours (n = 6) for each
sampling date.
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respectively), but the contribution to total NO3- reduction was greater at 3m (21%)
relative to 7m (12%) due to greater Pot DNF at 7m. It is important to note that DNRA
rates estimated from NIAF for May and Oct 2018 had greater standard errors but were
not different from DNRA rates measured by OX/MIMS during the same period. DNRA
rates were correlated with SRP (t = 0.556; p = 0.029) and urea (t = 0.644; p = 0.009)
concentrations in bottom water, as well as NO3- fluxes (r = -0.562; p = 0.010), NO2fluxes (r = 0.718; p < 0.001), and SOD (r = 0.580; p = 0.007) in N cores.
Possible anammox accounted for 0–6.9% (mean 2.6% ± 0.8%) of total N2
production, with a greater contribution from the deeper sediments at 7m (ANOVA;
p = 0.024; Fig.12). Anammox was negatively correlated with NH4+ flux (r = -0.667;
p = 0.001) and bottom water DO, marginally (t = -0.467; p = 0.073), and positively
correlated with NO3- concentration in bottom water (r = 0.556; p = 0.029) and NO3- flux
(r = 0619; p = 0.004).

Water Column Nitrification
Nitrification was only measurable in 8 out of 20 incubations (3 out of 10 from the
hypolimnion), despite availability of NH4+ substrate, with rates up to 0.03 µmol N L-1 hr-1
(Fig. 13). When observed, nitrification may have contributed up to 20% of average NH4+
uptake potential (0.1 µmol N L-1 hr-1). No meaningful correlations were found between
nitrification and physicochemical parameters or other N cycling rates.
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Figure 12. (A) Possible anaerobic ammonia oxidation (anammox; ± SE) calculated from
29
N2 production in 15N-NH4Cl-amended cores, and (B) shown as the percentage of
potential denitrification (Pot DNF; 28+29+30N2 + N fixation; bottom). Rates are averaged
from duplicate cores and three time points over 72 hours (n = 6) for each sampling date.
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Figure 13. Nitrification rates (± SE; n = 3) calculated from triplicate 15N-NaNO3amendment incubation experiments for each sampling date. Rates undetectable or not
distinguishable from zero denoted by asterisk (*).
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Figure 14. Potential ammonium uptake in light (n = 3) and dark (n = 3) treatments and
mean regeneration (Reg; n = 6) rates (± SE) calculated from triplicate 15N-NH4Cl isotope
incubation experiments for each sampling date and site. Maximum chlorophyll a in the
water column denoted by black circles.
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Water Column NH4+ Regeneration and Potential Uptake
Despite the lack of NO3- in the water column, chemically reduced N (e.g., NH4+
and urea) was consistently present in the water column (Table 1). NH4+ regeneration rates
were not significantly different between sites, depths, or light and dark treatments, and
ranged from undetectable to 0.28 µmol N L-1 hr-1 (mean 0.11 ± 0.01 µmol N L-1 hr-1;
Fig. 14). Potential NH4+ uptake rates were higher (ANOVA; p = 0.033) in light (mean
0.23 ± 0.02 µmol N L-1 hr-1) versus dark (mean 0.14 ± 0.01 µmol N L-1 hr-1) treatments
but was not different between sites or depths (Fig. 14). Regeneration (averaged from both
light and dark treatments) could support approximately 50%, on average, of potential
NH4+ uptake in the light (Fig. 15). NH4+ uptake was positively correlated with DO in both
light (t = 0.584; p = 0.025) and dark treatments (t = 0.689; p = 0.005). NH4+ regeneration
positively correlated with pH (t = 0.467; p = 0.073) and urea flux (t = 0.467; p = 0.073),
but only marginally.
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Figure 15. Ratio of NH4+ Regeneration to NH4+ Uptake in light (RegL:UptakeL) and dark
(RegD:UptakeD) treatments. Dotted line shows the 1:1 line where regeneration equals
uptake.
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IV.

DISCUSSION

Sediments are important for nutrient recycling in shallow aquatic ecosystems due
to remineralization of organic matter (Wetzel, 2001). This is especially important in lakes
with low external inputs or episodic nutrient “pulses” from the watershed (McCarthy et
al., 2007). Additionally, lakes and reservoirs are typically N sinks, retaining 34% of TN
loads on average, with nearly two-thirds removed by denitrification (Saunders and Kalff,
2001b), which provides an important ecosystem service. The four hypotheses presented
here were: (1) Honeoye Lake sediments are a source of N and P to the water column; (2)
denitrification is the dominant removal pathway of N; (3) denitrification is limited by
availability of NO3-; and (4) internal loading of N and P supports HABs. Although these
hypotheses were generally met, N cycling results differed from expectation. Results from
this study suggest sediments are an important source of bioavailable N and P and play an
important role in N cycling dynamics in Honeoye Lake. Denitrification was the main
removal pathway, but at rates lower than expected, and was limited by NO3- throughout
the study period. Implications of N transformation results on nutrient removal and
availability are discussed below in regard to the frequent cyanobacterial HABs affecting
Honeoye Lake.
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Honeoye Lake Characteristics and Ambient Conditions
Honeoye Lake is shallow (mean 4.9m) relative to its surface area (7.3 km2) and its
longest length is in the direction of prevailing winds, resulting in a big fetch, which
allows for potential vertical mixing by wind throughout the majority of the water column
(Fee et al., 1996; NYSDEC, 2018). Approximately 50% of the lake area is 0–5 m and
inhabited by aquatic macroflora, with the remainder in the 5–9 m range devoid of
vegetation (Gilman et al., 2014; NYSDEC, 2018). With the exception of Oct. 2018, the
water column was stratified at 7m during all sampling events. However, weekly
monitoring of temperature and DO indicate periodic mixing at both 3m and 7m (Honeoye
Lake Watershed Task Force, unpublished data). For example, in 2017, the water column
was well mixed at both sites at least once in May, June, Aug., Sept., and Oct., with
periods of stratification and hypoxia in-between. These mixing events bring nutrientreplete bottom water into the surface layer and may promote blooms dominated by
cyanobacteria. Cyanobacteria assemblages in 2017 shifted between N fixing genera
(Dolichospermum, Aphanizomenon, and Gloeotrichia) and non-N fixers (Woronichinia
and Microcystis; unpublished data) throughout the summer with the largest blooms in
Aug. and Sept., coinciding with highest temperature, sediment fluxes of N and P, and
rates of N fixation. Although P concentrations often limit primary production in
freshwaters (Schindler et al., 2008), seasonal N limitation is well documented (Lewis and
Wurtsbaugh, 2008; Paerl et al., 2009; Chaffin et al., 2013; McCarthy et al., 2013;
Boedecker et al., 2020), especially during HABs, and P is often not a reliable indicator of
late summer cyanobacterial blooms (Thornton et al., 1990), indicating that N is an
important driver of these HABs.
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Sediment Nutrient Fluxes
Intact sediment core incubations showed Honeoye Lake sediments were a
consistent and strong source of DIN + urea (Fig. 5), mostly as NH4+, and SRP (Fig. 6) to
the water column throughout the sampling period. Dissolved nutrient fluxes followed a
seasonal pattern, increasing from May–September, and were highest in August and
September during periods of stratification and low bottom water DO concentrations. SRP
can be released from iron- and aluminum-bound sediment particles under anoxic
conditions, after depletion of NO3- (Jansson, 1986; Parsons et al., 2017). SRP flux was
strongly correlated with bottom water DO concentrations and SOD indicating increased
sediment P loading during periods of low O2. Elevated water temperatures and large
cyanobacterial HABs in late summer can drive these events of hypoxia/anoxia due to
lower capacity for dissolved gas and increased respiration from remineralization of fresh
organic matter from decaying algal biomass. Low ambient NO3- concentrations (mean
0.52 µM N) in Honeoye throughout the study period may have also influenced P release
from sediments as iron reduction becomes more energetically favorable in the absence of
NO3- (Parsons et al., 2017). DIN + urea loads were dominated by NH4+ production,
accounting for 89% of N released from sediments, with significantly higher rates at 3m
(Fig. 5) suggesting shallow sediments are an important source of bioavailable N to the
water column. Because the water column is easily mixed to this depth, 3m sediments
provide an accessible supply of N to Honeoye Lake and may contribute to promoting and
sustaining cyanobacterial HABs.

N2 Flux, N Fixation, and Potential Denitrification
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Net 28N2 fluxes were mostly negative, indicating that N fixation rates exceeded
denitrification in those cases, with elevated N fixation rates in August and September.
Sediment N fixation rates calculated from isotope patterns were positive in all
incubations except site 7m in Oct 2018 and the highest rates were observed in late
summer, coinciding with highest temperatures and lowest DO concentrations. Sediment
N fixation also correlated strongly with SRP flux indicating its importance during periods
of N limitation or excess availability of P. Average sediment N fixation rates were similar
to those reported in other studies using the same approach, but rates in Aug 2016 and
Sept 2017 were among the highest reported (Scott et al., 2008; McCarthy et al., 2015;
Yao et al., 2018; Boedecker et al., 2020).
Our best estimate of in situ denitrification (28N2 from C cores + N fix from N
cores) was low (mean 17 ± 7.0 µM N m-2 hr-1) but within the range of denitrification
measured in other systems (Saunders and Kalff, 2001a; Piña-Ochoa and Álvarez-Cobelas,
2006; Nizzoli et al., 2010; McCarthy et al., 2015; Boedecker et al., 2020). However, our
study period presents a significant knowledge gap from November through April, and
other research suggests that denitrification may even be more important in winter,
especially in shallow, eutrophic lakes (Nizzoli et al., 2010). Lower rates of denitrification
were observed in hypertrophic Lake Verde (Italy) in August than February, and
significantly lower than a similar, nearby mesotrophic lake Ca’Stanga during the same
month. The rates presented here are biased to summer sampling, and rates from Nov
through April are less likely to be influenced by stratification and depletion of O2 in the
hypolimnion; therefore, coupled nitrification-denitrification may be more important
during colder months than observed here.
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Despite low net denitrification rates, potential denitrification (Pot DNF) rates
indicated that Honeoye Lake sediments have the capacity to remove inorganic N at rates
similar to other studies (Scott et al., 2008; Nizzoli et al., 2010; McCarthy et al., 2015,
McCarthy et al., 2016; Boedecker et al., 2020). Pot DNF rates were similar between
sampling events and sites and could remove more than half (56%) of the summer N load.
The addition of 15NO3- stimulated 29N2 and 30N2 production via denitrification, which
shows that denitrifiers were limited by NO3- during the summer season. Ambient NO3concentrations were low (mean = 0.52 µM N; max = 1.66 µM N; Table 1) and internal N
loads were dominated by NH4+, limiting natural N removal from Honeoye Lake via
denitrification. This promotes N retention in Honeoye Lake during summer months when
external loading is greatest and allows the accumulation of reduced forms (NH4+ and
urea), which are preferred by cyanobacteria and may exacerbate HABs (Glibert et al.,
2016).

Water Column Nitrification
Nitrification can provide the NO3- necessary for denitrification, and these
processes can be closely coupled, particularly in shallow systems with benthic–pelagic
interactions (Jenkins and Kemp, 1984; An and Joye, 2001). When detectable, rates of
nitrification were comparable with rates from other shallow, eutrophic systems (see Table
3 in Hampel et al., 2018) However, nitrification rates in Honeoye Lake were often not
distinguishable from zero, despite availability of NH4+ substrate. In Lake Taihu, China,
another shallow, eutrophic system, nitrification rates decreased with cyanobacterial
bloom progression (Hampel et al., 2018), suggesting that nitrifiers were weak competitors
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for NH4+ relative to cyanobacteria. This competitive balance could help explain why
nitrification rates in Honeoye Lake were often undetectable, especially in late summer,
when cyanobacterial HABs are most prolific.
Many studies have addressed the effects of HABs on coupled nitrificationdenitrification in other shallow systems. For example, cyanobacterial HABs in the upper
Sassafras River, a tributary to Chespeake Bay, increased sediment pH, which inhibited
nitrification (Gao et al., 2012). In lake Taihu, China, algal biomass accumulation on the
sediment surface decreased sediment O2 and inhibited nitrification (Zhu et al., 2020). In
shallow, eutrophic systems with high biomass, O2 drawdown from respiration of organic
matter can lead to anoxic conditions. Summer stratification can also decouple nitrification
and denitrification due to O2 depletion in the hypolimnion. In two Italian lakes,
nitrification was only a significant source of NO3- for denitrification in February, when
the hypolimnion was oxygenated, but not in August during summer stratification (Nizzoli
et al., 2010). Coupled nitrification-denitrification was higher (17–50% of total
denitrification) in winter than summer months (4–15%; Scott et al., 2008). In this study,
nitrification was rarely observed in May, August, and September, when chl a
concentrations were highest, supporting the hypothesis that HABs inhibit nitrification,
possibly from lower DO concentration or pH at the sediment-water interface following
respiration and remineralization of organic matter from bloom biomass. DO
concentrations in bottom water were mostly within the range for nitrification (> 0.5 mg/L
O2; Ward, 2011) during sediment core sampling, but frequently dropped below 0.5 mg L1

during weekly monitoring (HLWTF; unpublished data), especially at 7m. Also, our

measurements were recorded slightly above (~ 0.5 m) the sediment surface to avoid
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perturbation. DO concentrations directly above or in the sediments were likely lower than
measured values. Cyanobacterial blooms themselves may be affecting nitrification rates.
Cyanotoxins may impact nitrifiers by inhibiting amoA gene or destroying bacterial cells
of ammonia oxidizing bacteria (Li et al., 2020). Sulfide inhibition of nitrification is also a
possibility in Honeoye Lake sediments. Although sulfide concentrations were not
addressed in this study, the sediment cores from Honeoye Lake often smelled of sulfide
at the end of the incubations (personal observation) suggesting its presence and may have
contributed to low nitrification rates.

Anaerobic Ammonia Oxidation
Anammox represents an alternative N removal pathway to denitrification and may
be important in some large, deep lakes with limited carbon or excess N (Burgin and
Hamilton, 2007). Heavy N2 fluxes (29,30N2) include both anammox and denitrification,
and nitrifier denitrification in 15NH4+-amended cores cannot be excluded, therefor we
refer to rates here as “possible anammox.” Possible anammox was detected in all
sediment core incubations, except site 3m in Aug 2016, but represented no more than
6.9% of total N2 production (mean 2.6%), and was slightly lower than reported in
shallow, eutrophic Missisquoi Bay (mean 8%; McCarthy et al., 2018) and Lake Erie
(mean 14%; Boedecker et al., 2020). Possible anammox was more pronounced at site 7m
(Fig. 12), likely due to lower bottom water DO concentrations (Table 1) and longer
periods of stratification. Organic carbon (C) was not measured in this study but is likely
to decrease towards the middle of the lake, further from external inputs. Thus, anammox
may be more important in central, deeper sediments with limited C and O2. Although
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denitrification was limited by NO3-, anammox may still provide a mechanism for N
removal under anoxic, NH4+-replete sediments.

Dissimilatory Nitrate Reduction to Ammonium
DNRA was detected at both sites in every month except Aug 2016. DNRA rates
were comparable to observed rates during summer in a constructed wetland in Texas
(Scott et al., 2008) but were much higher than those from other, deeper lakes (Mengis et
al., 1997; Nizzoli et al., 2010). DNRA accounted for up to 15% of total NO3- reduction in
hypertrophic Lake Verde during summer with organic rich sediments and low NO3availability (Nizzoli et al., 2010). Honeoye sediments appeared dark in color and rich
with organic matter during much of the study (personal observation), and the water
column consistently lacked NO3-. Although potential DNRA was only measured in 2018,
estimates based on NIAF (see methods) indicated that DNRA could account for up to
50% of total NO3- reduction in Honeoye Lake sediments during periods of
hypoxia/anoxia and low NO3- availability. Sulfides also play an important role in
favoring DNRA by directly inhibiting denitrification (Burgin and Hamilton, 2007), as
well as nitrification, and could be a factor worth investigating further in Honeoye Lake.
Temperature has also been shown to control the dominant NO3- reduction pathway, with
denitrification dominant at low and DNRA at high temperatures (Ogilvie et al., 1997).
Our results and observations suggest that DNRA may play a critical role in the overall
reduction of NO3- and retention of N in Honeoye Lake during summer months. However,
the contribution of DNRA to total NO3- reduction may be different in colder months
(Scott et al., 2008; Nizzoli et al., 2010) and warrants further study.
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Water Column NH4+ Regeneration and Potential Uptake
NH4+ is the most energetically favorable form of N for phytoplankton and can be
rapidly assimilated and recycled in the water column (Glibert et al., 2016, Gardner et al.,
2017), providing an important source of N to support cyanobacteria (McCarthy et al.,
2013). NH4+ regeneration and potential uptake rates were slightly higher than some lakes
but comparable to those reported in other eutrophic lakes with cyanobacterial HABs (e.g.,
Lake Erie, Lake Okeechobee, and Taihu Lake; Hampel et al., 2018). Our results show
that NH4+ was rapidly recycled in Honeoye Lake but NH4+ regeneration in the water
column could only support about half of the potential NH4+ demand, on average (Fig.
15). NH4+ potential uptake was, presumably, mostly by assimilation into biomass by
phytoplankton and cyanobacteria, since uptake in light treatments was significantly
greater than dark treatments (ANOVA; p = 0.03) and nitrification was often undetectable.
These finding indicate that NH4+ in the water column is assimilated faster than it is
regenerated, and HABs must rely on internal NH4+ loading from sediments, or external
loads, to help satisfy N demand especially during summer blooms.

Internal Loading and Removal Estimates
External and internal loads of TN and TP were estimated using a mathematical
model, and suggested external loads are greater than internal loads (HLWTF, 2007; Fig.
16). A study of inputs from eight of the main tributaries by Zhu (2009), indicated low
external loads of TN (350 kg yr-1) and TP (9,400 kg yr-1), though TSS loads are high, and
this represents only a portion of total external loads since Honeoye has more than 16
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tributaries. Although TN and TP were not measured in this study, we extrapolated our
results from sediment nutrient and dissolved gas fluxes to the whole lake surface area
(7.3 km2) to estimate total internal loading and removal of dissolved N and SRP.
Approximately half of the surface area is less than or greater than 5m, dense rooted
macrophytes inhabit depths up to 4.9m (NYSDEC, 2018), and stratification typically
occurs around 5-6 m in Honeoye Lake. Therefore, we feel it is reasonable to extrapolate
results from 3m and 7m each to 50% of the lake area for a lake-wide estimate. This lakescale estimate provides some context for comparison to other loading estimates, though
we recognize that our results are limited temporally and spatially.
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Figure 16. Modeled external and internal total nitrogen (TN), total phosphorus (TP), and
total suspended solids (TSS) loading from the Honeoye Lake Watershed Management
Plan (HLWTF, 2007).
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The total annual load of DIN and SRP from sediments were 205,000 ± 58,000 kg
N (with 13 ± 4.5% from DNRA) and 3,250 ± 1,330 kg P yr-1, respectively (Fig. 17).
These results suggest internal loads of dissolved N and SRP are several orders of
magnitude higher than the modeled estimates of TN and TP and may account for as much
as 79 and 50% of the total annual load, respectively. In situ denitrification was estimated
to remove 14,800 kg N yr-1, less than 10% of the internal load, but almost 30% of the
external load. However, Pot DNF showed a capacity to remove 120,000 kg N yr-1, which
is approximately 50% of the total annual N load (258,000 kg N yr-1) estimated by adding
internal inputs from this study with computer modeled external inputs (Fig 16; HLWTF,
2007), with 4.4 ± 1.7% removed by anammox. However, current internal loads are over
90% reduced N and nitrification may be inhibited during summer by DO, pH, sulfide, or
cyanobacteria, leading to NO3- limitation of denitrification.
A similar approach to scaling sediment nutrient loads was used to determine
whole-lake NH4+ regeneration and potential uptake dynamics. No significant differences
were found between sites or depths for NH4+ uptake and regeneration so, rates were
averaged and extrapolated to the lake volume (84 million m3) and depth integrated.
Internal water column NH4+ regeneration could supply 95,000 kg N yr-1, which is not
enough to meet demand (potential NH4+ uptake = 218,000 kg N yr-1). These results
suggest that, on an annual time scale, NH4+ demand is balanced with internal loads of
dissolved N from sediment and water column regeneration, when including all sources
and sinks.
Results presented here provide an estimate of the internal N and P load, which can
help inform decisions for management strategies by land managers and policy makers
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Figure 17. Conceptual model showing annual flux estimates of nutrients and
biogeochemical rates of nitrogen (N) transformations in Honeoye Lake from this study.
Fluxes and rates are averaged from five incubations (Aug. 2016, June 2017, Sept. 2017,
May 2018, and Oct. 2018) at two sites (FLI-S; 3m, FLI-N; 7m) and reported in kg yr-1 (n
= 20). Fluxes in black are from control incubations and fluxes in red represent potential
rates from isotopic amendments (NH4+ Uptake, DNRA, Potential DNF, Anammox). N
fixation is estimated from isotope pairing in NO3--amended cores. DNRA = dissimilatory
nitrate reduction to ammonia; Anammox = anaerobic ammonia oxidation; Potential DNF
= potential denitrification.
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and also highlight the importance of experimental research to support estimates based on
computer models. However, our results do not include measurements from November
through April, when the water column is generally isothermal and well-mixed (except
maybe during ice cover), and microbial metabolism slows down. Also, sediment core
incubations were not performed at any other sites or depths, which would help improve
resolution. Ideally, more sediment core incubations should be conducted spatially and
temporally to obtain a better annual average of internal N and P loads.
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V.

CONCLUSIONS

Internal loading from shallow lake sediments can be a significant source of NH4+
and SRP to the water column, especially under summer stratification. In Honeoye Lake,
denitrification is the main N removal pathway, but rates were limited by NO3concentrations and a lack of nitrification during the summer season. Both denitrification
and nitrification are sensitive to pH, DO, and sulfides, and therefore can be affected by
water column stratification, mixing, and HABs. Unlike deep lakes, shallow lakes,
including Honeoye Lake, can be subject to vertical mixing throughout the year by
meteorological events, which pulses reduced, bioavailable nutrients into the surface
water, fueling primary production and HABs. Additionally, DNRA provides an
alternative pathway for nitrate reduction that retains N and may be favored under low
NO3-. N loads dominated by chemically reduced forms (e.g., NH4+ and urea) may limit
NO3- availability for denitrification and favor non-N-fixing, toxic cyanobacteria, and
internal recycling pathways. The uncoupling of nitrification-denitrification, along with
consistent NH4+ recycling in both sediments and the water column, limit natural N
removal and exacerbate frequent HABs throughout the summer, even when external
loads are low (e.g., dry seasons/years). Although external loads of N and P may be low
presently, legacy N and P in Honeoye sediments most likely originated from external
sources historically. Ultimately, external loads of N and P need to be monitored and
controlled to reduce internal loads and eutrophication. An increased focus on reduction of
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N, with emphasis on N forms, as well as continued efforts on the reduction of P
are necessary to protect our lakes and waterways from increasing cyanobacterial HABs.
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